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Abstract 

Two semi-passive treatment systems for iron (Fe) and arsenic (As) removal in acid mine drainage 

(AMD) were installed and monitored in-situ for more than a year. These technologies were designed 

to treat the As-enriched AMD (≈ 1g/L Fe(II) and 100 mg/L As(III)) of the ancient Carnoulès mine. 

The treatment was based on biological Fe and As oxidation by indigenous bacteria, and subsequent 

immobilization of As by ferric hydroxysulfates. Forced aeration was used and wood/pozzolana or 

plastic support for biofilm attachment. The system performance ranged from 86 to 98% for Fe 

oxidation, 30 to 60% for Fe removal, and 50 to 80% for As removal at a hydraulic retention time of 9 

h. No significant difference between the two biofilm supports were measured. The wood/pozzolana 

support had a shorter delay for performance recovery after interruptions. Iron oxidation rates were 

similar to those obtained in the Carnoulès AMD stream and laboratory bioreactor, while As oxidation 

seemed to be enhanced. The sludge accumulated between 39 and 91 mg/g of As, mainly in the As(V) 

oxidation state; jarosite and amorphous ferric hydroxysulfate phases were the main Fe and As 

scavengers. Challenging environmental conditions during the long period of monitoring confirm the 

robustness of the treatment units. The data will be useful in the future design of full-scale treatment 

systems adapted to As-rich AMD.  
 

Keywords Mine waste water, biological arsenic oxidation, biological iron oxidation, bioremediation, field-pilot 

Introduction  

Mining activities can adversely affect water resources for decades after mine closure and decommissioning 

(Neculita et al. 2007; Ribeiro Neiva et al. 2016). The associated oxidation of sulfide minerals and release of 

acid mine drainage (AMD) into the environment may cause the remobilization of toxic elements such as arsenic 

(As), contaminating water resources and strongly affecting aquatic ecosystems (Nordstrom and Alpers 1999; 

Paikaray 2015). In AMD, the two predominant inorganic As species are arsenite As(III) and arsenate As(V); 

the reduced As(III) form is more mobile than oxidized As(V) due to lower retention on solid phases (Tsai et al. 

2009). Thus, the predominance of As(III) upon As(V) in some AMD streams further complicates their 

treatment (Mondal et al. 2006). Despite the threat represented by As-rich AMD to ecosystems and human 

health, the treatment of these waters remains challenging, especially at high As concentrations (Whitehead et al. 

2005). 

Nowadays, active chemical treatments such as lime neutralization are the most common strategies implemented 

in-situ to treat AMD (Wang et al. 2018). The main disadvantages of these chemical neutralizations are their 

cost, the accumulation of large quantities of polluted sludge, and a labor-intensive maintenance (Habe et al. 

2020). In general, chemical neutralization alone has been identified as unsustainable strategy in the long term 

(Igarashi et al. 2020). Thus, the development of affordable, effective, and ecological processes to handle these 

acid effluents is particularly needed, especially for abandoned mines where the use of expensive technologies is 

not possible. Passive and semi-passive biotechnology based on biogeochemical processes observed in nature 

can be more sustainable and cost-effective (Sato et al. 2018).  
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Iron and arsenic bio-oxidation and subsequent mineral precipitation catalyzed by native microorganisms has 

been reported as potentially suitable strategy to remove As and Fe from AMD for abandoned mines (Ahoranta 

et al. 2016; Chen and Jiang 2012; Elbaz-Poulichet et al. 2006; Fernandez-Rojo et al. 2017; Leblanc et al. 2002; 

Majzlan et al. 2007; Paikaray 2015). The iron bio-oxidation process induces the precipitation of ferric 

hydroxysulfate minerals that can adsorb or co-precipitate the dissolved As (Majzlan et al. 2016). This process 

promotes As immobilization by formation of poorly crystalline and/or amorphous phases such as 

schwertmannite, ferrihydrite, goethite, tooeleite, and amorphous ferric arsenate (Asta et al. 2010a; Carlson et al. 

2002). This strategy is based on a natural attenuation process observed and studied in different AMD streams 

around the world, such as the Iberian pyrite belt in Spain (Asta et al. 2010b) and Reigous Creek (Carnoulès 

mine) in France (Egal et al. 2010; Morin et al. 2003).  

The Carnoulès arsenic-rich AMD gave rise to the Reigous Creek and has been the target of several studies that 

aimed to develop an in-situ bioreactor to optimize the natural As attenuation process (Bruneel et al. 2003; 

Casiot et al. 2003; Elbaz-Poulichet et al. 2006; Fernandez-Rojo et al. 2019; Laroche et al. 2018; Tardy et al. 

2018). The relevance of this case study is based on the site’s challenging conditions, with high and variable As 

concentration between 50 and 100 mg/L, mainly in the reduced As(III) form, acid pH (3.2-5), and Fe 

concentration ranging from 500 to 1000 mg/L. The site, which is located in a small valley, and the climate 

conditions with periodic heavy rainfall, makes it difficult to install and operate treatment facilities (Elbaz-

Poulichet et al. 2006). 

Experimental and modelling results of batch and flow-through experiments have shown that aeration and 

biofilm surface area were factors limiting Fe and As removal yields in the treatment of high-As AMD by 

biological oxidation in our previous laboratory and field pilots (Fernandez-Rojo et al. 2017, 2019; Garcia-Rios 

et al. 2021). Attempts to increase the surface area of the biofilm using river sand as bacteria growth support in a 

fully passive field-pilot resulted in rapid clogging. Moreover, the supply of oxygen by simple diffusion at the 

surface of the thin water film was not sufficient, which dramatically decreased Fe(II) oxidation and provided 

irregular As removal (Fernandez-Rojo et al. 2019). The use of active aeration and a bacteria growth support 

with a larger porosity were identified as key elements in the design of future field pilot experiments.  

In continuity with these previous laboratory and field pilot experiments, the present study was aimed at: (i) 

evaluating the on-site performance of a scaled up pilot for biological treatment of high-As AMD (> 50 mg/L of 

As(III)), under optimized operating conditions (forced aeration, suitable bacterial support, controlled flow rate), 

and during one-year monitoring period; the  treatment was based on biological Fe oxidation mediated by a 

native microbial community, and As incorporation into Fe-As solid phases, (ii) comparing two bacterial growth 

support media, and (iii) evaluating the robustness of the system with respect to temporal variations of AMD 

physicochemistry, flow, and different environmental conditions. 

Methods 

Set-up and Operation  

Two field-scale systems for the biological oxidation were installed downstream of the Carnoulès tailings dam 

(southern France) in July 2019. Each system consisted of a 1 m
3
 plastic tank filled with different substrate 

materials (Fig. 1). At the bottom of each tank, a grid with a mesh size of 19 mm was installed that retains the 

bacteria substrate in the upper part of the tank to reduce the risk of potential clogging of the outlet pipe. Two air 

diffusers providing aeration at around 300 L/h were installed beneath the grid for each tank. The devices were 

supplied with the same AMD from Reigous Creek by a continuous flow mechanism controlled by peristaltic 

pumps. 

One device was filled with 6.5 kg of plastic support (Biofill®, Type A) and the other was filled with 174 kg of 

80 wt% pozzolana (pozzolanic ash) and 20 wt% wood chips (pine bark sized 20–40 mm, Jardiland®) mixture. 

The plastic support has been used as a standard in biological water treatments, due to its high porosity (96%), 
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specific surface area (> 160 m
2
/m

3
), and irregular shape, which allows an optimal biofilm development without 

clogging problems. The wood/pozzolana mixture has a larger specific surface area (333 m
2
/m

3
), but a lower 

porosity (64%). This mixture has been used previously in passive AMD treatments and has demonstrated good 

hydraulic properties at low-cost (Rötting et al. 2008b). 

 

Fig. 1 a) Schematic representations of the biological oxidative devices, one device filled with a plastic support 

(PS) and the second device filled with pozzolana and wood mixture (WP), b) plastic support, c) wood and 

pozzolana mixture support and d) in-situ devices. 

The two units were supplied with AMD during seven periods (Fig. 2): A, B, C, D, E, F, and G from July 2019 

to September 2020. The flow rates were set to 15 or 30 L/h, which corresponds to hydraulic retention times of 

17.5 and 8.7 h for the unit with the plastic support (PS) and 19.3 and 9.7 h for the unit with the wood/pozzolana 

support (WP). The operational phases were determined by changes in flow rate and flow interruptions as well 

as operational and technical issues. Power supply for the units was changed from a generator to an electrical 

connection, while pump maintenance and a Covid-19 lockdown period interrupted the intervals. 

In July 2020 (Period F), clogging of the air diffusers occurred in both units due to the accumulation of a 

yellowish precipitate in the bottom of the tanks. The air diffusers started working properly again after 

maintenance in September (Period G). 

 

 
Fig. 2 Timeline of the operation and monitoring of PS and WP treatment devices including, seven periods 

distributed across seasons, undesired interruptions. The number (n) of water samples (WS) and sludge samples 

(SS) taken in each period are also indicated.  
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Water Sampling and Characterization   

Water samples were collected two to three times per week at three sampling points: 1) device inlet with the 

wood/pozzolana support (which was also representative of the inlet water feeding the device with plastic 

support), 2) device outlet with wood/pozzolana support, 3) device outlet with plastic support. Sludge samples 

were taken every two weeks on the first ten centimeters inside each unit. The number of sampling campaigns 

are indicated in Fig.2: 3 times during period A, 5 times during period B, 7 times during period C, 8 times 

during period D, 9 times during period E, 8 times during period F and 13 times during period G.  

The water samples were preserved and characterized according to the routine procedures described in 

Fernandez-Rojo et al. (2017). They were split in two sub samples for in-situ and lab measurements. The in-situ 

physicochemical measurements were conducted using a Hach HQ40D portable multi-meter (i.e. temperature, 

pH, redox potential, electrical conductivity, and dissolved oxygen concentration). 500 mL of the second 

subsample was filtered using 0.22 µm cellulose filters. Then the sample was immediately distributed in 

different aliquots; one aliquot was diluted in 1% HNO3 solution (Suprapur quality) for major and trace element 

analysis, another one was diluted in acetate/acetic acid buffer (pH 4.5) and 0,05 % (w:w) phenanthrolinium 

chloride solution for ferrous iron concentration determination and a third one was added acetic acid (0.087 M) 

and EDTA (0.5 g/L) for redox As speciation analysis. The samples were temperature stabilized at 4°C and 

treated according to the appropriate protocols for specific chemical analysis. 

The ferrous iron Fe(II) concentration was quantified by colorimetry using the ortho-phenanthroline method by 

absorbance at 510 nm with a JENWAY 6320D spectrophotometer (detection limit = 88 μg/L, accuracy = ±5%). 

For the major and trace elements determination including total Fe and As concentrations, the samples were 

analyzed by inductively coupled plasma-mass spectrometry (ICP-MS; Thermo X7 Series) at the AETE-ISO 

platform, University of Montpellier (France). An external calibration with internal standard correction 

procedure and international certified reference waters (CNRC SLRS-5, NIST SRM 1643e) were used for 

quality control.  

Samples for arsenic speciation (As(III) and As(V) proportions) were analyzed by anion-exchange 

chromatography (25 cm, 4.1 mm inner diameter Hamilton PRP-X100 column) using a Spectra Device 

SCM1000 solvent delivery pump coupled to an ICP-MS.  

Sludge and Suspended Particulate Matter (SPM) Characterization  

The precipitate formed during the treatment periods accumulated as sludge onto the filling material, while a 

small amount was transported with the treated water flow as suspended particulate matter (SPM) in the effluent. 

Both kinds of solids were analyzed, leading to a total of 9 sludge samples and 11 SPM samples collected at the 

three monitoring points (influent, PS effluent and WP effluent) at least once for each period of operation. 

The SPM fraction was recovered by filtration on cellulose filters (0.22 µm) at the outlet drain of each reactor. 

After each sampling campaign, the filters were dried under vacuum and stored for further analysis. Sludge sub-

samples were centrifuged and dried in a glove box under nitrogen atmosphere for subsequent As speciation 

analysis and mineralogical characterizations. Total Fe and As concentrations in the sludge were determined by 

ICP-MS after acid digestion, while As speciation in the sludge and SPM was determined by HPLC-ICP-MS 

after an extraction using orthophosphoric acid (1M, 85%; Resongles et al. 2016).  

Mineral characterization was performed by X-ray powder diffraction (XRD) analyses, using the Co K-

α radiation of a Malvern-Panalytical Empyrean diffractometer. Data were collected in continuous mode 

between 5 and 100°2θ with a 0.026°2θ step, counting around 4 h per sample. 

As and Fe Distribution in the Colloidal Fraction 

Two water samples in period B and one sample in period E were collected from each of the three sampling 

points and filtered on-site using 0.22 µm cellulose filters. The filtrates were transported in a cool box to the 

laboratory within 4 h after collection and then filtered using Vivaspin® 20 Ultrafiltration units. A 100 KDa 



5 | 21 

 

 

cutting diameter was used for samples in period B. A 10 KDa cutting diameter was used for samples in period 

E. The ultrafiltration was done in duplicate; the protocol included centrifugation for 5 minutes at 5000 g. 

Afterwards the filtrated water was analyzed according to the following speciation: Fe(II), total Fe, As(V), 

As(III), total As.  

Relevant Calculations  

The hydraulic retention time (HRT) was calculated based on the waterbed volume (L) divided by the input flow 

rate (L/h). The waterbed volumes of the PS and WP units were 260 and 290 L, respectively. These theoretical 

hydraulic retention times were used to calculate the Fe(II) oxidation rates as well as Fe and As precipitation 

rates (in mol L
-1

 s
–1

). Fe(II) was present only in the dissolved phase while Fe(III) was present both in dissolved 

and particulate phases. Thus, the rate of Fe(II) oxidation was calculated for each device from the decrease of 

Fe(II) concentration between influent and effluent, according to the following equation: 

 

        
                            

     
     Eq. 1 

where [Fe(II)]inlet was the dissolved Fe(II) concentration measured at the inlet of the units. [Fe(II)]outlet was 

measured at the outlet of the PS or WP units. The rate of Fe and As precipitation was calculated accordingly, by 

using the total dissolved (<0.22 µm) Fe and total dissolved As concentrations measured by ICP-MS. The rates 

were calculated using the concentration values from the stationary phase for periods A, B, C, D, E, and G 

(except for period F, all data were used). The stationary phase for each period was defined when the 

performance did not change by more than 10%. For instance, the PS system needed between 5 to 10 days to 

reach it, while the WP system reached this stationary phase in the first five days.  

As(III) and As(V) co-exist both in dissolved and particulate phases. Calculation of the rate of As(III) oxidation 

was carried out using a mass balance calculation for each unit (see Supplemental Calculation S-1). The mass 

balance used the concentration of dissolved and particulate As(III) and As(V) species in the inlet and outlet 

water samples, together with the amount of As(III) and As(V) retained in the sludge and SPM. 

For biological Fe(II) oxidation, a first-order kinetic constant kFe(II)Field (Larson et al. 2014) was also calculated to 

compare the unit performances with other studies. The general reaction for biological iron oxidation considered 

in the present study was:  

 

                                     Eq. 2 

 

This first order kinetic law assumes that the Fe(II) oxidation rate is dependent on the dissolved Fe(II) 

concentration:  

                         

         

     
                    

                   
    

      
           

 

[Fe(II)]diss.Inlet] corresponds to the dissolved Fe(II) concentration at the inlet of the devices, [Fe(II)]diss.Outlet] is 

expressed as the dissolved Fe(II) concentration of the PS and WP effluents, and HRT (h) defines the hydraulic 

retention time calculated for each unit in each period. This simple rate law was preferred to the fourth order 

kinetic rate law used by Pesic et al. (1989) and Sheng et al. (2017) in controlled laboratory experiments; those 

authors considered the parameters Fe(II) concentration, oxygen concentration, pH, and bacterial cell 

concentrations. Here, it was not possible to establish a fourth order kinetic rate law in the field conditions of the 

present study. The range of variation of inlet water pH was relatively narrow, aeration promoted fully 
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oxygenated conditions, and it was not possible to quantify Fe-oxidizing bacterial cell counts among the whole 

autochthonous bacterial community. 

Statistical Analysis  

Data were analyzed by the non-parametric Mann-Whitney test for significant performance differences in the 

two support substrates. The Pearson test was used to evaluate the correlation between independent variables; 

the p-values were obtained at the level of p ˂ 0.05. The statistical analyses and graphs were performed with the 

free R software (http://www.r-project.org/), version 1.2, using the tidyverse and vegan packages and XLSTAT.  

Geochemical Model and Thermodynamic Data 

The saturation indices (SI) of As and Fe solid phases with respect to the inlet/outlet water chemistry were 

calculated with the geochemical module CHESS of the HYTEC code (van der Lee et al. 2003) using the 

truncated-Davies activity correction model and the thermodynamic database (Blanc et al. 2012) version of 

2017. The Fe(III)/Fe(II) and As(V)/As(III) oxidation state couples were decoupled from the calculations. Two 

additional data sets were considered for the sake of consistency with a previous modeling study of lab 

experiments on Carnoulès AMD microbial treatment (Garcia-Rios et al. 2021). The thermodynamic constants 

of an amorphous Fe(III)-arsenate (AFA) was adjusted on the batch and flow-through data. The thermodynamic 

constant of a more soluble and hydrated form of schwertmannite (Sánchez-España et al. 2011) was found to 

better fit the same experimental data than the original Thermoddem equilibrium constant. 

SI values are good indicators for estimating the saturation state of complex aqueous solution such as the present 

AMD waters vs. mineral reactivity. SI values between -0.5 and 0.5 mean that the solid phase is close to 

thermodynamic equilibrium. A positive SI value indicates that the solution is oversaturated and that the solid 

phase can precipitate from the solution. A negative SI means that the solid phase cannot precipitate but can 

possibly dissolve if in contact with water.  

Results  

Aqueous Chemistry  

Variations of the main physicochemical parameters of the water at the inlet and outlets of the treatment units 

are presented in Fig. 3 and supplemental Table S-1. The inlet revealed a pH range from 3.2 to 5.1 along one 

year of operation (Fig. 3a). Those values systematically decreased to 2.8 ± 0.3 on average through the PS and 

WP units (Fig. 3a). The temperature of the inlet water showed some variability across seasons. Recorded 

temperatures during summer obtained an average value of 24 ± 4℃  and a maximum of 27°C in periods A, F 

and G, whereas recorded temperatures during winter times were obtained with an average around 12 ± 3℃, and 

a minimum temperature of 5°C in periods B and C (Fig. 3b). The variation between the inlet and outlets was no 

more than 6°C (Fig. 3b, supplemental Table S-1). The conductivity at the inlet ranged from 2300 to 4270 

µS/cm, with the highest values during summer (periods A, F and G) and the lowest during winter (B and C). It 

decreased by no more than 20% between inlet and outlets (Fig. S-1). The average dissolved oxygen (DO) 

concentration at the inlet ranged between 6 ± 2 mg/L, and showed high variability (high SD values) within each 

period (Fig. 3c). It increased between inlet and outlets in periods B, C, and D while it did not significantly 

change in periods A, E, F, and G. Discrete DO measurements were made in the middle of the reactor bed. 

These DO values were similar to those in outlet water in periods B and C, but were lower in periods D and F in 

both WP and PS units. This lower DO levels marked a time period when consumption exceeded oxygen supply 

in the reactor bed.  

 

http://www.r-project.org/
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Fig. 3 Boxplot representation of the main physicochemical parameters measured in the inlet water and in the 

outlet water from the PS and WP devices during seven periods of monitoring, a) pH, b) temperature and c) 

dissolved oxygen concentration (DO). The dot (.) represents the outliers. The inlet flow used for the different 

periods were 15L/h for A, B, C and G while 30L/h for D, E and F. 

 

a

b

Inside PS Inside WP

c
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Dissolved Iron Concentrations (Total Fe and Redox Species) 

Total dissolved Fe concentration, i.e. the sum of dissolved Fe(II) and dissolved Fe(III) in the inlet water, ranged 

from 300 to 1000 mg/L. The highest concentrations correlate with droughts during summer time (A, E, F and G 

periods, Fig. 4a). The total dissolved Fe concentration decreased by 20% to 70% between inlet and outlets for 

most periods (A–E), except period F and early period G.  

Ferrous iron concentrations dominated compared to Fe(III) in the inlet water, representing about 90% of the 

total dissolved Fe (Fig. 4a and 4b). As indicated in Fig. 4b, the Fe(II) concentration at the inlet decreased from 

period A (Jul. 19) to period B (Dec. 19) and then gradually increased until period F (Jul. 20). The Fe(II) 

concentration then decreased between inlet and outlets (Fig. 4b) while the Fe(III) concentration increased (Fig. 

4c), indicating the oxidation of Fe(II) in both units. For the PS unit, the Fe oxidation efficiency varied from 

60% to 98% in periods A–E, while it always exceeded 90% in these periods in the WP unit. Interruptions of 

operability occurred in both units between periods A and B and between periods B and C, which led to a 

temporary decrease of Fe oxidation rate down to 50% in PS unit during the first ten days after restart (Fig. 4b, 

c) while the WP unit recovered its efficiency shortly (in 3 to 5 days). In period F, outlet Fe(II) concentrations 

increased substantially in both units, and outlet Fe(III) concentration decreased (Fig. 4b), confirming a 

decreased Fe oxidation efficiency during the time period when the air diffusers were clogged. After 

maintenance of the aeration system in late period G, outlet Fe(II) concentrations steeply declined, reflecting a 

recovery of unit performances.  

 

a

Inlet Flow (L/h)

b
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Fig. 4 Variations of the dissolved iron concentration at the inlet and outlet sampling points, for the device with 

plastic support (PS) and wood/pozzolana support (WP). a) Total dissolved iron (Fe Total), b) Ferrous iron 

(Fe(II)) and c) ferric iron (Fe(III)). Data collected during seven periods of monitoring: A (Jul.–Aug.19), B 

(Dec.19), C (Jan.–Feb.20), D (Feb.–Mar.20), E (May–Jun.20), F (Jul.–Aug.20) and G (Aug.–Sep.20). The inlet 

flow used for the different periods were 15L/h for A, B, C and G while 30L/h for D, E and F represented with 

black dots in Fig. 4a.   

Dissolved Arsenic Concentrations (Total As and Redox Species) 

Total dissolved As concentration at the inlet varied across the seasons concomitantly to total dissolved Fe 

concentration (Fig. 5a). It increased from 40–70 mg/L during the colder and rainy periods (B, C and D) to 80–

100 mg/L during hot periods accompanied by draughts (A, E, F and G). As(III) represented 75±5% of total 

dissolved As at the inlet (Fig. 5b). 

Total dissolved As concentration decreased to a minimum of 10 mg/L at the outlets sampling points for both PS 

and WP units during periods B, C, E, G, which corresponded to a 50–80% As removal (Fig. 5a). Both As(III) 

and As(V) concentrations exhibited a decrease between inlet and outlets (Fig. 5b and Fig. 5c). Outlet As(V) 

concentration punctually exceeded its inlet value in periods A, E and G (Fig. 5c).  

 

 

C

a

Inlet Flow (L/h)
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Fig. 5 Variation of the concentration of a) total dissolved (As Total), b) arsenite (As(III)) and c) arsenate (As(V)) 

at the inlet and outlet sampling points for the device with plastic support (PS) and wood/pozzolana support 

(WP) during the different periods of operation. The inlet flow used for the different periods were 15L/h for A, 

B, C and G while 30L/h for D, E and F represented with black dots in Fig. 5a.   

 

Rates of Fe and As Oxidation and Precipitation 

The rates of Fe and As oxidation and precipitation in each period (Table 1, supplemental Figs. S-2, S-3, and S-

4) were calculated under stationary phases (≈ 10 days after restart) for each unit. The rate of Fe (II) oxidation 

ranged from 0.8 ×10
-7

 to 3.3 ×10
-7

 mol L
-1

 s
-1

 (Table 1, supplemental Fig. S-2); it was nearly two times lower 

for Fe (III) precipitation, from 0.4 ×10
-7

 to 2.1 ×10
-7

 mol L
-1

 s
-1

 (Table 1, supplemental Fig. S-3) and one order 

of magnitude lower for As precipitation, from 0.7 ×10
-8

 to 2.6 ×10
-8

 mol L
-1

 s
-1

 (Table 1, supplemental Fig. S-

4). The highest rate values for Fe oxidation and precipitation were observed in period E, compared to the 

highest rate values of As precipitation that were reached in periods E and F (Table 1, supplemental Fig. S-2 and 

Fig. S-4). In periods B to E, As removal rate correlated well to the rate of Fe precipitation (r
2 
=0.98; Fig. S-5) 

and also to inlet water As concentration (r
2 

=0.89; supplemental Fig. S-6). The As/Fe molar ratio in the 

precipitate, calculated from As and Fe removal, averaged 0.13. Such dependency implies a control by As 

sorption or incorporation into Fe minerals. A similar kinetic dependency was reported by Asta et al. (2010) in 

AMD from the Iberian Pyrite Belt. In periods F and G, the As removal rate was not correlated to the rate of Fe 

precipitation; the As/Fe molar ratio exceeded 0.2 due to slower Fe removal (Fig. S-7). 

b

c
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Mass balance calculations using dissolved and particulate As speciation data (Fig. 5b, 5c; Table 2) provided an 

estimation of As oxidation rate in each unit (Table 1). This calculation was based on the assumption that SPM 

in outlet water reflected the composition of the precipitate that forms at the time of outlet water sampling. The 

estimation of As oxidation reached its maximum rate (10
-8

 mol L
-1 

s
-1

) during periods F and G for both units, 

while during periods B and D, the As oxidation rates were both below the detection limit (< 0.5 ×10 
-8 

mol L
-1

 s
-

1
). Thus, depleted aeration conditions in periods F and G were not a limiting factor for As oxidation in the units.  

Under steady state conditions and optimal performances of the aeration system (periods A-E), the average rates 

of Fe oxidation and precipitation, and arsenic precipitation were statistically similar for the WP and PS units (p-

value > 0.05, Mann-Whitney); however, if the surface area is considered for each support substrate (28 m
2
 for 

the PS unit, 54 m
2
 for the WP unit), the maximum precipitation rates in grams of Fe and As precipitated per m

2
 

of support substrate and per day were twice as high for the PS unit (20.2 g m
-2

 d
-1

 for Fe oxidation, 12.4 g m
-2

 d
-

1
 for Fe precipitation and 2.1 g m

-2
 d

-1
 for As precipitation) than for the WP unit (10.8 g m

-2
 d

-1
 for Fe oxidation, 

6.99 g m
-2

 d
-1

 for Fe precipitation and 1.09 g m
-2

 d
-1

 for As precipitation). 

 

Table 1 Rates of Fe oxidation, Fe precipitation, As oxidation and As precipitation (x10-7 mol L-1s-1) for the PS 

and WP treatment devices under stationary phases in each period. Average (standard deviation, STD). 

  Fe oxidation Fe precipitation As oxidation As precipitation 

  PS WP PS WP PS WP PS WP 

A 0.8 (0.6) 2.2 (0.2) 0.5 (0.1) 1.0 (0.2) NA NA 0.15 (0.05) 0.13 (0.02) 

B 1.3 (0.1) 1.3 (0.1) 0.64 (0.03) 0.63 (0.05) < 0.05 < 0.05 
0.070 
(0.004) 

0.080 
(0.001) 

C 1.3 (0.1) 1.1 (0.2) 0.6 (0.2) 0.56 (0.09) NA NA 0.07 (0.01) 0.07 (0.01) 

D 2.8 (0.2) 3.0 (0.2) 1.0 (0.2) 1.1 (0.3) < 0.05 < 0.05 0.13 (0.01) 0.15 (0.02) 

E 3.3 (0.1) 3.3 (0.7) 2.1 (0.7) 2.1 (0.6) < 0.05 0.1 0.22 (0.01) 0.22 (0.05) 

F 0.9 (0.5) 2 (1) 0.4 (0.4) 0.9 (0.5) 0.08 (0.02) 0.1 (0.06) 0.26 (0.04) 0.24 (0.05) 

G 1.8 (0.4) 2.2 (0.3) 0.56 (0.02) 0.83 (0.09) 0.1 0.1  0.11 (0.01) 
0.100 
(0.004) 

NA: not available data, <0.05 x10
-9

 defined as quantification limit for the As oxidation estimation. The inlet flow used for 

the different periods were 15L/h for A, B, C and G while 30L/h for D, E and F 

Suspended Particulate Matter in Outlet Water 

The amount and composition of the particulate phase in outflow effluents were determined (Table 2). The 

concentration of SPM ranged from 2 to 124 mg/L. Particulate Fe represented a maximum of 4 wt.% of total 

(dissolved + particulate) Fe concentration and particulate As represented a maximum of 8% of total (dissolved 

+ particulate) As concentration (Table 2). Thus, this amount of particulate As flowing out of the unit is 

substantial. In the fraction below 0.22 µm, the colloidal Fe and As fractions (> 100 kDa, measured in period B) 

represented a maximum of 2% of total (dissolved + particulate) Fe concentration and 9% of total As 

concentration (Table S-2). Ultrafiltration at 10 kDa (measured in period E) indicated the presence of fine 

colloids that accounted for up to 32% of total (dissolved + particulate) Fe and 68% of total As. The occasional 

presence of colloidal Fe and As in the outflow fluid may reflect a rapid formation process. Colloid formation 

might have occurred directly in the fluid phase rather than at the surface of the biofilm due to specific gradients 

and oversaturation.  

The As/Fe molar ratio in SPM (> 0.22 µm) varied from 0.02 to 0.3 in periods B to E; it increased up to 0.9 in 

the WP unit in period G. As(V) represented 23 to 92% of particulate As concentration; the ratio was generally 

higher in the SPM from the WP system than those from the PS system, except in period G, where both 

exhibited high As(V) percentage (≥ 88%). 
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Table 2 Concentration of SPM (SPM > 0.22 µm), concentration of particulate Fe and As in outlet water 

(expressed in mg/L and in proportion of total (dissolved + particulate) Fe and As, and composition of SPM 

(As/Fe molar ratio, proportion of particulate As(III) and As(V) to total particulate As).  

  
Dates 
(d/m/y) 

Device 
SPM Fe (mg/L) As (mg/L) As/Fe As(III)/As As(V)/As 

(mg/L) 
(wt% Tot. 
Fe) 

(wt% Tot. 
As) 

(mol/mol) wt% wt% 

B 12/12/2019 PS NA NA NA NA NA NA 

  
WP NA NA NA NA NA NA 

 
19/12/2019 PS 6 2 (0.5 %) 0.3 (2 %) 0.1 70 30 

  
WP 2 0.1 (0.04 %) 0.01 (0.1 %) 0.1 - 100 

C 06/02/2020 PS 15 2 (1 %) 0.4 (2 %) 0.1 41 59 

  
WP 3 0.2 (0.1 %) 0.04 (0.3 %) 0.1 26 74 

D 05/03/2020 PS 28 8 (1 %) 1 (3 %) 0.1 76 24 

  
WP 59 13 (3 %) 2 (8 % 0.1 69 31 

 
12/03/2020 PS 43 14 (3 %) 1 (1 %) 0.03 77 23 

  
WP 7 3 (0.6 %) 0.1 (0.3 %) 0.02 47 53 

E 29/05/2020 PS 49 11 (2 %) 2 (5 %) 0.1 58 42 

  
WP 2 0.2 (0.03 %) 0.02 (0.1 %) 0.1 3 97 

 
18/06/2020 PS 28 3 (0.7 %) 1 (4 %) 0.3 26 74 

  
WP 9 3 (0.8 %) 0.4 (2 %) 0.1 9 91 

F 23/07/2020 PS 124 35 (4 %) 2 (5 %) 0.04 58 42 

  
WP 14 4 (0.5 %) 1 (3 %) 0.2 22 78 

 
27/07/2020 PS NA NA NA NA NA NA 

  
WP NA NA NA NA NA NA 

G 15/09/2020 PS 5 0.7 (0.1 %) 0.1 (0.3 %) 0.1 8 92 

    WP 57 0.2 (0.03 %) 0.2 (1 %) 0.9 12 88 

NA: not available data, the inlet flow used for the different periods were 15L/h for B, C and G while 30L/h for D, E and F. 

Sludge Composition 

Table 3 lists the measured concentrations of total Fe, total As, As(III), As(V), and total Sulphur (S) in the 

sludge at different periods of operation. The sludge contained 19wt.% to 31wt.% Fe, 4wt.% to 11wt.% As and 

3.5wt.% to 5.4 wt.% S (dry wt.). In each period, the WP sludge contained slightly lower As and Fe contents 

(5±1wt.% As and 21±7wt.% Fe) compared to the PS sludge (8±1wt.% As and 27±4wt.% Fe).. The As/Fe molar 

ratio varied from 0.24 to 0.5 in both units, with the highest ratio obtained in period G. Arsenate systematically 

predominated in the sludge; it represented in average 84±5wt.%  of the total As concentration among periods B, 

E, F and G; it did not exceed 64±7wt.% of the total As concentration during period D. XRD analysis revealed 

the presence of jarosite, gypsum and quartz, but did not present other well crystallized Fe(III)-As phases (Table 

3, supplemental Fig. S-8). The morphology of the sludge differed between the two systems: the sludge from the 

PS system was more compact and attached to the bacteria growth support, it was more homogenously 

distributed inside the unit. Conversely, the sludge from the WP system contained more fluid (watery) and was 

easily transported to the bottom of the pilot where it settled. 
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Table 3 Average concentration (% dry wt.) of total Fe, total As, As(III), As(V), total S, their ratios, and the 

minerals identified by XRD in the sludge sampled in each period.  

Period device n 
Total 
As 
(%) 

Total 
Fe 
(%) 

Total  
S 
(%) 

As/Fe 
molar 
ratio 

Fe/S            
molar 
ratio 

As(III) 
(%) 

As(V) 
(%) 

pH 
Crystallyzed 
phases 

B PS 2 9 ± 3 
31 ± 
6 

5.2 0.4 ± 0.2 12.4 17 ± 4 
83 ± 
4 

2.8 Jarosite 

 
WP 2 

4 ± 
0.3 

19 ± 
4 

3.5 0.3 ± 0.3 10.9 9 ± 4 
91 ± 
4 

2.7 Jarosite 

D PS 2 7 ± 2 
31 ± 
5 

5.3 0.28 ±0.1 11.8 36 ± 7 
64 ± 
7 

2.7 Jarosite/ Quartz 

 
WP 2 4 ± 1 

24 ± 
6 

4.7 0.24 ±0.03 10.4 
40 ± 
10 

60 ± 
10 

2.7 Jarosite/ Quartz 

E PS 2 8 ± 1 
31 ± 
5 

5.3 0.34 ±0.03 12 23 77 2.5 Jarosite/Gypsum/* 

 
WP 2 6 ± 2 

29 ± 
3 

5.4 0.29 ± 0.1 10.3 20 ± 2 
80 ± 
2 

2.6 Jarosite 

F PS 2 7 ± 1 
27 ± 
3 

4.3 0.36 ±0.02 12 18 ± 1 
82 ± 
1 

2.9 NA 

 
WP 2 6 ± 1 

29 ± 
2 

5.0 0.26 ± 0.1 9.9 18 ± 1 
82 ± 
1 

2.7 NA 

G PS 1 11 27 4.6 0.5 12.7 8 92 2.7 Jarosite 

  WP 1 7 19 4.6 0.5 9.5 6 94 2.6 Jarosite  

NA: not available data 

*: quartz, the inlet flow used for the different periods were 15L/h for B, C and G while 30L/h for D, E and F. 

 

Calculated Saturation Indices of Fe-As Phases 

Table 4 plots the saturation indices (SI) of the main representative ferric hydroxysulphate and Fe-As phases in 

the inlet and outlet PS and WP effluents during four periods (B, C, E and F). They generally exhibited values 

indicating oversaturation with regards to schwertmannite, jarosite, and scorodite in both inlet and outlet 

effluents. The substantial decrease in pH during the treatment lowered the SI of all Fe(III)-containing phases 

due to their high solubility dependency with pH. The pH decrease was caused by the precipitation of potassic 

jarosite (K-jarosite) and/or schwertmannite due to the oxidation of Fe(II) to Fe(III) by bacteria. The SI values 

are, however, still positive, which demonstrates that their precipitation is under kinetic control (i.e. 

thermodynamic equilibrium has not been achieved yet) with respect to the characteristic HRT. Fig. 6 plots the 

evolution of the SI of K-jarosite and schwertmannite vs. pH of the outlet effluents. The observed trend clearly 

sustains the fact that jarosite and schwertmannite could co-precipitate, but also that the precipitation of jarosite 

will be promoted at pH around 2.7–2.8.  

The concentration of K
+
 is derived from the Carnoules' AMD (inlet concentration: 19±3 mg/L), 39±29% of the 

potassium entering the units was removed in the treated water and contributed to the K-jarosite formation. 

However, this phase was not dominant in our units, since the Fe/K molar ratio in the precipitate was 51±33, 

whereas Fe(mol)/K(mol) = 3 in K-jarosite. 

As(V) solubility in the outlet waters was likely controlled by an amorphous ferric arsenate (AFA), as indicated 

in Table 4. The SI values of amorphous scorodite (from Thermoddem) and AFA (from Garcia-Rios et al. 2021) 

were within the range -0.5–0.5 (i.e. at equilibrium).  
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Table 4 Saturation indices calculated from water samples at inlet and outlets with wood/pozzolana support 

(WP) and plastic support (PS); Thermoddem database, with some additional data (see Methods).  

  
19 Dec (period 

B) 
12 March (period 

C) 
18 June (period 

E) 
23 July (period 

F) 

  Inlet / PS / WP Inlet / PS / WP Inlet / PS / WP Inlet / PS / WP 

K-Jarosite(cr) 9.8 / 6.2 / 5.7  10.1 / 6.4 / 6.3 8.9 / 4.8/ 4.5 12.5 / 7.2 /6.1 

Schwertmannite(1) 27.3 / 6.4 / 4.2  21.8/ 5.8 / 5.7 17.2 / -0.6 / 0.8 29.7 / 7.1 / 3.7 

     
Scorodite(cr) 4.6 / 1.9 / 2.3 4.1 / 2.5 / 2.4 4.1 / 0.1 / 3.1 4.8 / 3.1 / 2.8 

Scorodite(am) 1.9 /-0.7 / -0.4  1.5 / -0.2 / -0.3 1.3 / 0.1 / 0.3 2.0 / 0.3 /-0.04 

AFA(2) 2.7 / 0.0 / 0.3  2.2 / 0.6 / 0.5 2.1/ 0.9 / 1.1 2.8 /1.0 / 0.7 

(1) Sánchez-España et al. (2012); (2) Amorphous Ferric Arsenate, Garcia-Rios et al. (2021). 

Discussion 

General System Performance Compared with Previous Systems 

The physico-chemistry of the AMD during the monitoring (pH of 3.2–5, As(III) concentrations of 42–102 

mg/L and Fe(II) concentrations of 430–1000 mg/L) was similar to long-term observation data at the Carnoulès 

site (OREME Observatory, https://oreme.org/). Under steady-state conditions, the treatment units oxidized on 

average 926% of the Fe(II) and removed 4311% Fe and 6710% As at a HRT of 9 h. These performances 

were higher and more stable than those obtained with our previous field bioreactor (Fernandez-Rojo et al. 

2019). This previous system functioned entirely under passive conditions, i.e. aeration was provided by simple 

oxygen diffusion through a thin water film. As a result, Fe oxidation and removal did not exceed 20% while As 

removal varied widely between 3% and 97%. For comparison, this previous system reached 40% As removal at 

a similar HRT (10 ± 1h). The present systems showed similar performance than those obtained in our lab-scale 

bioreactor that did not use bacterial growth support neither active aeration but a thin water film (4 mm) flowing 

at the surface of the Fe(II)-oxidizing biofilm. In that passive lab-scale bioreactor, we obtained a maximum of 

80% Fe(II) oxidation, 50% Fe removal, and 65% As removal at a HRT ≈ 8h (Fernandez-Rojo et al. 2017). 

Thus, the thin water film configuration in the lab-scale bioreactor was efficiently compensated by the use of a 

bacterial growth support (promoting mass transfers between the solution and the biofilm) and active aeration 

(promoting oxygen supply to the biofilm) in the present units. Considering the capacity of the lab-scale pilot 

(0.24 L) and field units (263 or 290 L), a scale-up by a factor of more than a thousand was successfully 

achieved in the present study, while maintaining the performances of the treatment process.  

The rates of Fe oxidation in the present units (1 ×10
-7

– 4 ×10
-7 

mol L
-1

 s
-1

) were in the low range of literature 

values (1.5 ×10
-7 

– 40 ×10
-7 

mol L
-1

 s
-1

) for laboratory Fe oxidation bioreactors treating As- and Fe-rich AMD at 

pH 3.2–5 (Ahoranta et al. 2016; Sheng et al. 2017). The kinetic constant k-value was determined considering a 

first order kinetics approach toward Fe(II) concentration (Eq. 2) We obtained a kinetic constant k-value of k= 

0.003 ± 0.0009 min
-1

 under steady-state conditions in operation periods A–E (Fig. S-9), which corresponds to 

half-life of 3.7h. This k-value fitted with those obtained in AMD streams at pH 3.5–4.2 reported for several 

AMD in the US and Spain (Larson et al. 2014). This suggests that biological Fe(II) oxidation by the 

autochthonous microbial community of the Carnoulès AMD was well reproduced in the present treatment units 

but not enhanced compared to AMD stream conditions. Regarding As removal rates, the present study observed 

0.5 ×10
-8

 to 3 ×10
-8

 mol L
-1

 s
-1

, which was similar to our previous field-pilot rates (1 ×10
-8

 to 2 ×10
-8

 mol L
-1

 s
-1

; 

Fernandez-Rojo et al. 2019) and lab-scale experiments rates (2 ×10
-8

 to 5 ×10
-8

 mol L
-1

 s
-1

; Fernandez-Rojo et 

al. 2017). The reproducibility of these rates from one pilot to another suggests their ability for future upscaling 

https://oreme.org/
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to full-scale treatment facilities. Regarding As oxidation, 60 to 95% of the As was present as As(V) in the 

sludge, showing a higher As(III) oxidation yield in the field pilot than in our previous lab-scale experiment in 

which As(V) reached 48–84% (Fernandez-Rojo et al. 2017, 2018). High oxidation yields were also observed in 

our previous field pilot where As(V) ranged from 19 to 99% (Fernandez-Rojo et al. 2019). The reason for such 

differences in As oxidation efficiency between laboratory and field conditions deserves further research. 

Effect of the Biofilm Support 

The two materials used as biofilm support did not show major differences in term of outlet water 

hydrochemistry, sludge mineralogy and overall performances. The main difference was the duration of the lag 

phase regarding Fe(II) oxidation in the early days after restart. The WP system had a shorter lag period than the 

PS system. This might be associated with the porosity of the wood material providing micro-niches favorable 

for maintaining an active microbial community (Rötting et al. 2008a). The WP unit showed higher robustness 

at shutdowns than the PS unit. The lower SPM concentration found in the WP effluent than in the PS effluent 

might be due to a better SPM settling in the unit containing a mixture of mineral and wood. The relatively high 

SPM concentration in the PS effluent (up to 0.13 g/L) would require the use of a settling pond downstream of 

the treatment unit. The WP sludge contained slightly lower As and Fe concentrations compared to the PS 

sludge, which suggests a dilution by wood debris from the bacteria growth support in the WP unit. The 

disaggregation of the wood support may be an important issue in the perspective of long-term treatment and 

sludge disposal. 

The As(V) to total As ratio in SPM was higher in the WP unit than in the PS unit. This may suggest faster 

As(III) oxidation in the WP unit. The difference did not persist in the sludge due to an aging effect. The wood 

material provided organic matter that could favor As-oxidizing bacterial populations. An input of nutrients 

stimulated As(III)-oxidizing bacteria in a batch experiment performed with Carnoulès AMD (Tardy et al. 

2018). Occasional measurements of total organic carbon in the PS and WP systems indicated higher 

concentrations in the WP sludge (71 ± 47 g/kg) than in the PS sludge (3 ± 0.7 g/kg (dry wt.)), although the 

difference was minor in the treated water (effluent water WP: 5 ± 2 mg/L; PS: 3 ± 1 mg/L). Further research on 

bacterial As-oxidizing gene expression will be necessary to find a possible role of bacterial growth support on 

As oxidation rate in the units.  

Robustness of the System Towards Variations of Operating Conditions: 

An important factor regarding pilot performance was related to air injection. Dissolved oxygen concentration 

plays both a direct and indirect role on biological Fe(II) oxidation. First, it is one of the factors that directly 

controls the rate of Fe(II) oxidation. Second, the DO concentration strongly influences the structure of the Fe-

oxidizing bacterial community (FeOB), which consists of species exhibiting different specific Fe-oxidation 

rates (Fernandez-Rojo et al. 2018; Johnson et al. 2012). Optimal DO concentration varies depending on the 

identity of the FeOB. For example, the microaerophilic Gallionella thrive at lower oxygen conditions than 

other FeOB such as Ferrovum and Leptospirillum spp. (Hanert 2006; Johnson et al. 2012). Previous studies 

suggested that increasing oxygen concentrations may favor the development or activity of FeOB belonging to 

the Ferrovum genus (Fabisch et al. 2016; Fernandez-Rojo et al. 2018; Jwair et al. 2016). Ferrovum is often 

associated with the high Fe(II) concentration and high Fe oxidation rates, which explains its importance in 

AMD treatment (Chen et al. 2020; Johnson et al. 2014). The lower Fe(II) oxidation rate in period F and early 

period G had a negative impact on Fe precipitation, which decreased to less than 10%, but it did not 

significantly affect As removal, which remained similar (≈ 70%) in period F (partial Fe(II) oxidation) and in 

period E (complete Fe(II) oxidation). This was attributed to the high As sorption and incorporation capacity of 

the Fe minerals that formed in the units; the sludge that formed under low DO supply in periods F and G 

exhibited an As/Fe molar ratio greater than 0.3. A high retention capacity was also observed in our previous 

field pilot that exhibited Fe oxidation yields below 20% (Fernandez-Rojo et al. 2019). This high As retention 

and As removal efficiency was probably promoted by the activity of As-oxidizing bacteria; it has been shown 
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that some strains maintain the As oxidation activity at DO value around 1 mg/L (Gonzalez-Contreras et al. 

2012; Hambsch et al. 1995)  

 

Interruptions in operation affected Fe(II) oxidation efficiency in the early days after restart. This was indicative 

of a lag phase typical of biological processes and had been previously observed in biological Fe oxidation in 

batch and continuous flow experiments with AMD (Egal et al. 2009). Units shut down for several weeks 

converted the system into a batch reactor. Under these conditions, when the substrate Fe(II) was no longer 

available, the Fe-oxidizing bacteria probably stopped growing and became dormant. During system restart, the 

bacteria need to recover their metabolism. Thus, shutoff periods had a negative effect for a short period of time 

(≤ 10 days) on pilot performance in terms of Fe(II) oxidation and subsequent As removal.   

The flow rate increase from 15 L/h to 30 L/h (HRT decrease from 18 h to 9 h) between periods C and D 

decreased Fe(II) oxidation yield and Fe and As removal yields by ≈ 10%. This suggests that most of the 

reactions occurred within less than 9 h. Such relatively short hydraulic residence time fit with the ones reported 

in other studies for As-rich AMD treatment (Ahoranta et al. 2016). This suggests that the hydraulic residence 

time determined in the present study might be used to design a full-scale treatment.  

Water temperature may affect the rate of biologically mediated reactions. Previous studies on bacterial strains 

oxidizing Fe or As isolated from polluted environments showed that their growth and oxidation activities were 

temperature dependent between 5°C to 30° (Battaglia-Brunet et al. 2002; Dopson et al. 2006; Ito et al. 2012; 

Kim et al. 2008). Tardy et al. (2018) reported that water temperature greater than 20°C stimulate As oxidation 

mediated by autochthonous bacterial communities in the Carnoulès AMD water. In our experiments, water 

temperature ranged from 5°C to 27°C; however, the variation did not correlate directly with Fe or As removal 

yields. More data would be required to confirm a possible temperature dependency for biological As and Fe 

oxidation in the systems.  

Sludge Composition and Control of Outlet Water Physico-chemistry 

Jarosite, gypsum and quartz were identified by XRD in the sludge under routine operation (periods A–E). 

Quartz originated from the waste pile (Fernandez-Rojo et al. 2019). The presence of jarosite at pH  2.8-3.0 is 

in agreement with the stability domain of this mineral (Bigham et al., 1996; Sánchez-España et al., 2011). 

Jarosite has been described as an As scavenger under acidic and sulfate-rich conditions (Asta et al. 2009; 

Johnston et al. 2012; Kendall et al. 2013). This retention is associated with an initial co-precipitation of As(V) 

with Fe(III), which is often completed by the replacement of the sulfate groups of jarosite with the As(V) 

present in solution (Shi et al. 2021). However, jarosite is often considered to have formed by recrystallization of 

schwertmannite (Asta et al. 2010). Wang et al. (2006) reported the transformation of schwertmannite to jarosite 

with aging. Burton et al. (2021) recently found that increasing levels of As(V) incorporation within 

schwertmannite enhanced also the transformation of schwertmannite to jarosite. In our previous studies, the 

formation of As-poor jarosite from the Carnoulès AMD occurred after a first precipitation step of tooeleite 

(Fe6(AsO3)4SO4(OH)4·4H2O) or As(III)-schwertmannite (Duquesne et al. 2003). Tooeleite was not evidenced in 

the present study, probably due to the rapid Fe(II) oxidation and subsequent achievement of lower 

As(III)/Fe(III) molar ratios in the solid. The reported As/Fe ≤ 0.5 ratio in the sludge of the present field pilot 

test did not fit the stoichiometric formula of tooeleite (As/Fe = 0.67).  

In general, the sorption capacity reported for jarosite is considerably less than that reported for schwertmannite 

or amorphous phases. Asta et al. (2009) reported that at initial As concentration of 100 mg/L in water, As(V) 

sorption capacity of synthetic jarosite of 21 mg/g at pH 1.5–2.5. Ahoranta et al. (2016) estimated that the 

highest As(III) and As(V) sorption capacities of biogenic jarosite at pH 3.0 were 1.24 and 2.07 mg/g, 

respectively. For comparison, the sorption capacity of schwertmannite at pH 3 has been estimated at 0.31-0.33 

mol As(V)/mol Fe, corresponding to more than 200 mg As(V)/g (Burton et al. 2009; Carlson et al. 2002). In the 
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present study, the As content in the sludge ranged between 39 and 91 mg/g, corresponding to As/Fe molar ratio 

of 0.3 ± 0.08 (Table 1), which implies the contribution of an amorphous phase for As retention. 

The calculated SI indicated that As(V) solubility in most of the outlet water samples was likely to be 

controlled by amorphous scorodite or AFA (Table 4). This confirms the findings of Langmuir et al. 

(2006), who highlighted the role of AFA in the control of As mobility in mine tailings. Occurrence of this 

phase is also a common observation under microbially-active AMD conditions (Fernandez-Rojo et al. 

2018; Maillot et al. 2013).  Therefore, amorphous schwertmannite and amorphous ferric arsenate were 

probably the dominant phases responsible for As removal in our field units. The As removal performance 

was probably limited by the solubility of amorphous ferric arsenate at pH 2.8 ± 0.3. Slightly positive SI 

values and occurrence of As(V) colloids suggest that kinetics play a role in the precipitation of the Fe/As 

phases. 

Conclusions and Perspectives  

During more than a year of functioning, we obtained nearly complete Fe(II) oxidation and up to 80% As 

removal during all seasons in the two treatment units (PS and WP supports), despite variations in the Carnoulès 

AMD hydrochemistry. The rates of biological Fe oxidation were similar to laboratory rates and to those 

reported for AMD streams worldwide. The As removal yields were greater and more stable than in our previous 

field pilot and similar to the laboratory bioreactor. The WP bacterial support provided shorter delay before 

performance recovery. The sludge composition was stable throughout time and similar in the PS and WP 

systems. The predominance of arsenate phases is a positive outcome in the perspective of long term storage. 

Hence, the robustness of the treatment regarding seasonal variations of AMD physical-chemistry, 

environmental and operational conditions suggests great potential for further scale-up and extrapolation of the 

treatment to other AMD with similar properties.  

 

Further work will focus on additional treatments (sulfate reducing bioreactor, limestone channel) to improve 

the quality of the treated mine water. Research is in progress to characterize the bacterial diversity in the units, 

particularly the genetic potential for As oxidation, which is a key process for As immobilization.   
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